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23 Abstract

24 1. Small, declining populations can face simultaneous, interacting ecological and genetic threats 

25 to viability. Conservation management strategies designed to tackle such threats independently 

26 may then prove ineffective. Population viability analyses that evaluate the efficacy of 

27 management strategies implemented independently versus simultaneously are then essential 

28 to the design of effective management plans, yet such quantitative evaluations are typically 

29 lacking.

30 2. We used stochastic individual-based models, parameterised with high-quality multi-year 

31 demographic and genetic data, to evaluate the efficacy of independent or simultaneous 

32 ecological (supplementary feeding) and genetic (translocations to alleviate inbreeding) 

33 management strategies for a red-billed chough (Pyrrhocorax pyrrhocorax) population of major 

34 conservation concern. This population is experiencing ecological threats from food limitation 

35 and genetic threats from escalating inbreeding. Conservation managers therefore face a 

36 dilemma: supplementary feeding may be ineffective if inbreeding is limiting stochastic 

37 population growth rate (λs), while translocations may be ineffective if food is limiting.  

38 3. Model simulations suggested that the focal population will decline to extinction relatively 

39 rapidly with no conservation management (mean λs≈0.86) and with genetic management alone 

40 (λs≈0.90). Ecological management alone reduced but did not halt the population decline 

41 (λs≈0.93). However, simultaneous genetic and ecological management yielded population 

42 stability (λs≈1), with genetic rescue lasting ~25 years. 

43 4. These outcomes arose because the capacity for translocations to alleviate inbreeding 

44 depression is limited by food availability, while supplementary feeding cannot achieve 

45 population viability in the presence of accumulating inbreeding. However, supplementary 

46 feeding improved environmental quality enough to allow expression of variance in fitness and 

47 thus inbreeding depression, meaning that reductions in inbreeding following translocations can 

48 increase λs.
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49 5. Synthesis and applications. Our analyses suggest that simultaneous management of ecological 

50 and genetic threats will be critical to ensuring viability of Scotland’s chough population; neither 

51 strategy independently is likely to achieve population persistence and may consequently waste 

52 conservation resources. Managers of other resource-limited, inbred populations should 

53 consider that the efficacy of strategies designed to alleviate ecological and genetic threats may 

54 be interdependent, such that holistic management is essential to ensure population viability.

55

56 Keywords: conservation management planning, conservation intervention, Corvid, extinction 

57 probability, gene flow, inbreeding-environment interactions, population persistence, population 

58 reinforcement
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71 INTRODUCTION

72 Small, declining populations can face multiple ecological, genetic and demographic threats that act 

73 simultaneously to decrease viability (Fagan & Holmes, 2006; Soulé & Mills, 1998). Conservation 

74 managers often focus on tackling such threats independently, yet the efficacy of individual strategies 

75 may be interdependent (Ewen, Armstrong, Parker, & Seddon, 2012). Independent management of 

76 threats may then fail to ensure population viability, meaning that managers must tackle threats 

77 holistically or risk further population decline and wasted conservation resources (Brook, Sodhi, & 

78 Bradshaw, 2008). Evaluating the efficacy of multiple management strategies implemented 

79 independently versus simultaneously is therefore key to designing management plans that effectively 

80 and efficiently achieve long-term population viability.

81 Ecological threats causing population declines can include predation (Wiles, Bart, Beck, & 

82 Aguon, 2003), disease (Preece et al., 2017) and decreased resources (e.g. food limitation, Ford, Ellis, 

83 Olesiuk, & Balcomb, 2010). Managers can therefore focus on alleviating these threats, for example 

84 through predator or disease-vector control (Liao, Atkinson, LaPointe, & Samuel, 2017; Russell et al., 

85 2015), habitat management (Eglington et al., 2010) or supplementary feeding (González, Margalida, 

86 Sánchez, & Oria, 2006). However once a population becomes small and isolated, demographic 

87 stochasticity, and genetic threats from inbreeding and genetic drift can further decrease population 

88 viability (Keller & Waller, 2002). In particular, inbreeding can threaten short-term viability by 

89 decreasing individual fitness (i.e. inbreeding depression, Charlesworth & Willis, 2009; Keller & Waller, 

90 2002), and is therefore of immediate concern. One potential management response is population 

91 reinforcement through translocations of suitable conspecifics (Seddon, 2010). Such translocations can 

92 have demographic benefits because increased population size reduces demographic stochasticity and 

93 Allee effects (Brown & Kodric-Brown, 1977; Hufbauer et al., 2015), and genetic benefits through 

94 reduced inbreeding and increased genetic diversity (Frankham, 2015; Whiteley, Fitzpatrick, Funk, & 

95 Tallmon, 2015).
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96 However, translocations may fail to increase population viability if ecological threats are an 

97 overriding constraint on stochastic population growth rate (s) compared to inbreeding depression. 

98 This may occur if inbreeding depression is weak or depends on environmental conditions (inbreeding-

99 by-environment interactions, Cheptou & Donohue 2011). Inbreeding depression is often expected to 

100 be greater in harsh environments (Fig. 1, Fox & Reed, 2011), although such effects are not always 

101 evident in wild populations (Kruuk, Sheldon, & Merilä, 2002; Laws, Townsend, Nakagawa, & Jamieson, 

102 2010; Walling et al., 2011). However, in very harsh environments, the magnitude of inbreeding 

103 depression may be constrained by low phenotypic variation in fitness (low “opportunity for inbreeding 

104 depression”, Crow 1958; Waller, Dole, & Bersch 2008). Specifically, inbreeding depression would be 

105 negligible in very harsh environments where all individuals perform poorly, and actually increase as 

106 environmental quality, and hence the opportunity for variation in fitness, increases (Fig. 1). Such weak 

107 inbreeding depression in very harsh experimental environments was observed in Brassica rapa (Waller 

108 et al., 2008) and Rhinanthus alectorolophus (Sandner & Matthies, 2017), and may explain inconsistent 

109 environmental effects on inbreeding depression in Soay sheep (Ovis aries, Pemberton, Ellis, Pilkington, 

110 & Bérénos, 2017). Translocations to reduce inbreeding may then provide little improvement in 

111 population viability and instead waste conservation resources. Indeed, translocations negligibly 

112 increased persistence probability in American martens (Martes Americana) experiencing ecological 

113 threats (Manlick, Woodford, Gilbert, Eklund, & Pauli, 2017). Similarly, long-term population viability 

114 of greater prairie-chickens (Tympanuchus cupido pinnatus) may be limited by ecological threats 

115 despite apparent short-term efficacy of translocations (Bouzat et al., 2009). For such populations, 

116 translocations may only be worthwhile when environmental conditions are good enough that 

117 resulting outbred offspring can express relatively higher fitness (Fig. 1).

118 Conversely, management that focus on alleviating ecological threats but disregards genetic 

119 threats may also fail to ensure population viability (Ralls et al., 2018). Inbreeding has been associated 

120 with increased extinction risk in wild populations (e.g. Glanville fritillary butterfly Melitaea cinxia, 

121 Saccheri, Kuussaari, Kankare, Vikman, & Hanski, 1998; Shore campion Silene littorea, Vilas, San Miguel, 
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122 Amaro, & Garcia, 2010; and Clarkia Pulchella, Newman & Pilson, 1997), and may significantly decrease 

123 predicted time to extinction (O’Grady et al., 2006). Furthermore, inbreeding will inevitably increase if 

124 populations remain small and isolated (Crow & Kimura, 1970), and thereby increasingly threaten 

125 population viability across generations. Rigorous evaluations of the efficacy of ecological and genetic 

126 management strategies to ensure population viability should therefore consider the interdependence 

127 of these strategies over appropriate time-frames. Yet, while the general need to consider joint 

128 ecological and genetic management approaches has been noted (e.g. Bouzat et al., 2009; Kenney, 

129 Allendorf, McDougal, & Smith, 2014), population viability analyses (PVAs) that quantitatively evaluate 

130 the efficacy of independent and simultaneous ecological and genetic management strategies are 

131 lacking, particularly in the context of environment-dependent inbreeding depression.

132 One such population that is facing genetic and ecological threats and is of major conservation 

133 concern is the Scottish red-billed chough (Pyrrhocorax pyrrhocorax, hereafter ‘choughs’) population. 

134 Choughs are Annex 1 listed (EU Birds Directive) placing a legal duty of conservation on national 

135 agencies (i.e. Scottish Natural Heritage). Scotland’s chough population decreased from ~105 breeding 

136 pairs in 1986 (Monaghan, Bignal, Bignal, Easterbee, & McKay, 1989) to ~49 pairs in 2018, with most 

137 pairs inhabiting the island of Islay (~87% in 2017). This population has been the subject of individual-

138 based demographic monitoring, comprising colour-ringing, resightings and nest-monitoring, since 

139 1983 (Appendices 1&2, Reid et al., 2008; Reid, Bignal, Bignal, McCracken, & Monaghan, 2003b, 2004). 

140 The main demographic rate causing population decline is low first-year survival, reflecting low food 

141 availability (Reid et al., 2008, 2004). Critically low first-year survival during 2007-2009 caused a rapid 

142 projected population decline (deterministic growth rate λ≈0.87, Reid et al., 2011), sparking emergency 

143 intervention through targeted supplementary feeding during 2010-2018 (Bignal & Bignal, 2011). 

144 However, Islay’s chough population is isolated from other UK populations (Appendix 1) and has a 

145 critically small effective size (Ne~30, Trask, Bignal, McCracken, Piertney, & Reid, 2017). Inbreeding is 

146 therefore inevitable and will increase relatively rapidly across generations. While the full magnitude 

147 of inbreeding depression is unknown, it is likely to be non-trivial, evidenced by phenotypic expression 
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148 of a lethal recessive allele causing blindness (Trask et al., 2016). Conservation managers therefore face 

149 a dilemma of whether to continue investing in managing ecological threats, begin alternative or 

150 additional management of genetic threats, or consider ceasing management if all strategies are likely 

151 to be ineffective. Quantitative evaluation of these potential strategies to achieve population viability 

152 is therefore urgently required. 

153 PVAs for threatened populations are often impeded by lack of data on baseline demography 

154 and/or management impacts, greatly increasing uncertainty regarding population outcomes. We use 

155 detailed demographic data, including estimated effects of supplementary feeding, and available 

156 genetic data, to parameterise PVAs designed to evaluate s and population viability given four 

157 potential management scenarios for the focal chough population. The four scenarios, formulated in 

158 consultation with key stakeholders and conservation managers, are (i) no management (i.e. cease 

159 supplementary feeding), (ii) genetic management only (i.e. translocations to reduce inbreeding, with 

160 associated short-term increase in population size, but cease supplementary feeding), (iii) ecological 

161 management only (i.e. continued supplementary feeding), (iv) simultaneous genetic and ecological 

162 management (i.e. translocations and supplementary feeding). We thereby evaluate the efficacy of 

163 independent and simultaneous strategies to mitigate ecological and genetic threats, and provide 

164 management recommendations. 

165

166 MATERIALS AND METHODS

167 Model structure and demography

168 We used an individual-based population model to evaluate the four proposed management scenarios. 

169 Our approach incorporates among-individual variation in inbreeding coefficient alongside 

170 demographic and environmental stochasticity and dynamic age-structure, and incorporates 

171 uncertainty in the magnitude of inbreeding depression and effects of supplementary feeding. 
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172 The model considered an annual pre-breeding census, with first-year, second-year and adult 

173 (i.e. third-year and older) stage classes. This structure adequately captures observed chough 

174 population dynamics (Reid et al., 2004). To capture known spatial variation in habitat and demography 

175 across Islay (Reid et al., 2006), the model was structured into five subpopulations (A-E, Appendix 1). 

176 Subpopulation carrying capacities were set to the maximum number of historically occupied 

177 territories in each area, plus the number of associated sub-adults (i.e. fledging to age three) at peak 

178 population size in the 1980s (Monaghan et al., 1989, Appendix 4). Additional mortality was applied if 

179 subpopulation size exceeded the defined local carrying capacity (Appendix 1). Other forms of density-

180 dependent restrictions, such as from food-resource limitation, were implicitly captured in model 

181 scenarios. This formulation allowed simulations to explore effects of management scenarios,  with 

182 hard density-dependence only restricting s under the best simulated conditions (Appendix 1). 

183 Sub-adult choughs form non-breeding flocks before pairing and acquiring a breeding territory 

184 (Reid, et al., 2003a, 2006). All modelled individuals were assumed to breed annually from age three. 

185 Dispersal between subpopulations was therefore modelled to occur at age three, with the subadult 

186 flock implicit. Dispersal was modelled from the probability of individual movement from natal 

187 subpopulation to another subpopulation within Islay, as estimated from observations of colour-ringed 

188 individuals’ natal and breeding locations. 

189 We first built and parameterised a baseline model representing scenario (i) no management. 

190 To capture an appropriate baseline, this model was parameterised with demographic rates estimated 

191 across the pre-supplementary feeding period of 2003-2009 (Appendix 2). Individual annual 

192 reproductive success was modelled in two steps: whether a female successfully produced a brood, 

193 and realised brood size conditional on success (Lacy, Miller, & Traylor-Holzer, 2017). Reproductive 

194 success was estimated for each subpopulation in each year as the proportion of females that produced 

195 a brood, and the mean and standard deviation of the number of fledglings in successful broods. Since 

196 observed brood sex-ratios are equal on average (Trask et al., 2017), simulated offspring were assigned 
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197 as female or male with equal probability. Stage-specific survival probabilities (ɸs) for first-years (ɸ1, 

198 fledging to age one year), second-years (ɸ2, age one to age two) and adults (ɸAd), and hence mortality 

199 rates, for each subpopulation were estimated from colour-ring resighting data (Appendices 1&2). ɸs 

200 values were estimated for both sexes together because sexes of sub-adult individuals that died before 

201 breeding were typically unknown, and previous analyses indicate no sex-specific differences in ɸAd 

202 (Reid et al., 2003b, 2004). Among-year environmental variation in ɸs was estimated excluding 

203 sampling variance (Appendix 2). Since ɸ1 is tightly correlated with cyclic population dynamics of the 

204 chough’s tipulid prey (Reid et al., 2008), simulated environmental variation in ɸ1 was partitioned so 

205 that half followed cyclic variation and half was stochastic, and was correlated across subpopulations 

206 (Appendix 2). As environmental variation in reproductive success is relatively small (Reid et al., 2004), 

207 it was sufficiently captured through the high simulated variance in ɸ1. Mortality of simulated 

208 individuals was realised at each annual time-step based on ɸs for each age class in each subpopulation.

209

210 Inbreeding and inbreeding depression

211 To ensure the initial simulated population’s mean inbreeding coefficient (Fp) and coefficient of kinship 

212 (K) reflected the Islay chough population’s, we estimated Fp and pairwise relatedness (r, where r=2K) 

213 between individuals from microsatellite genotype data from adult choughs sampled across Islay in 

214 2013-2014, using the Dyadic likelihood estimator (Milligan, 2003) in program Coancestry v1.0.1.8 

215 (Wang, 2011, Appendix 3). These analyses yielded estimates of Fp=0.08±0.02SE and r=0.15±0.01SE. To 

216 account for likely underestimation of Fp and r due to microsatellite ascertainment bias, as well as 

217 expected increases between sampling and implementation of any translocations given the small Ne 

218 (Trask et al., 2017), we set founder individuals’ coefficients of inbreeding (Fi) to 0.1 and founder K  to 

219 0.1 (Appendix 3). In practice, simulations were relatively insensitive, and key conclusions remained 

220 unchanged, given starting Fi and K between 0.05 and 0.15 (Appendix 3). Fi values in subsequent 

221 generations were calculated from the simulated pedigree using standard algorithms (Lacy, et al. 2017).
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222 Inbreeding depression expressed given Fi was modelled as the number of diploid lethal 

223 equivalents (2B, where B is the slope of a regression of log(fitness) on Fi, Charlesworth & Willis, 2009; 

224 Keller & Waller, 2002). B can be estimated from breeding experiments (Darwin, 1876), genomic 

225 analyses (Remington & O’Malley 2000) or pedigree analyses (Keller & Waller, 2002). However, as 

226 complete pedigree and genomic data are unavailable for the focal population and breeding 

227 experiments are not feasible, we modelled a range comprising 2B=3-15. The lower and upper limits 

228 reflect the mean estimated across captive populations and the sum of published mean estimates of 

229 inbreeding load across life-history stages, respectively (Appendix 3). Model replicates drew values 

230 from this range using Latin Hypercube Sampling to optimally sample parameter space (Lacy et al., 

231 2017). Inbreeding depression was modelled entirely through a reduction in ɸ1 (Appendix 4); ɸ1 is the 

232 main demographic constraint on s in choughs (Reid et al., 2004, 2011) and the reduction in overall 

233 lifetime reproductive success is likely to be reasonably well captured whether total inbreeding load is 

234 applied entirely to ɸ1 or split over life-history stages (Lacy, et al., 2017). Overall, this formulation 

235 ensured that initial simulated individuals could immediately experience inbreeding depression, and 

236 that genetic rescue could potentially restore the putative outbred ɸ1 as opposed to only the currently 

237 observed ɸ1 (Appendix 4).

238

239 Modelled genetic and ecological management scenarios

240 Genetic management (scenario ii) was modelled as translocations of unrelated (i.e. K=0) and outbred 

241 (i.e. Fi=0) age one individuals into the focal population. Translocated individuals were therefore 

242 envisaged to originate from a suitable external source population (Appendix 5). Scenarios were 

243 designed to evaluate the potential for successful genetic rescue to achieve population viability. We 

244 initially considered one translocation of 24 individuals (12 females, 12 males) in year 3 introduced 

245 across subpopulations A-C, or two such translocations in years 3 and 6 (i.e. a total of 48 individuals, 

246 Appendix 5). These moderate-sized translocations comprised enough individuals to ensure that some 
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247 would survive to breed, while avoiding ‘genetic swamping’ of the existing population (Appendix 5). 

248 We also considered an additional scenario of two large translocations of 48 individuals (24 females, 

249 24 males in each translocation) in years 3 and 6, designed to ensure that more translocated individuals 

250 would survive to breed (Appendix 5). Translocated individuals took the same baseline demographic 

251 rates as existing natives and mated randomly, generating outbreeding and potentially relatively high 

252 survival in offspring of immigrant-native pairs.

253 Ecological management (scenario iii) was modelled by adding estimated effects of 

254 supplementary feeding on ɸ1, ɸ2 and ɸAd and the probability of producing a brood onto the baseline 

255 probabilities for individuals inhabiting subpopulations A-C (Appendices 1&4). As supplementary 

256 feeding on Islay was implemented as an emergency conservation intervention, there is no formal 

257 randomised, replicated case-control experiment to rigorously quantify effects on key demographic 

258 rates. However, comparisons between colour-ringed individuals that were and were not observed to 

259 attend supplementary feeding (hereafter ‘fed’ and ‘unfed’) can provide broad estimates. Effects on 

260 ɸAd and reproductive success were estimated using before-after control-impact (BACI) analyses that 

261 compared individuals inhabiting areas with and without supplementary feeding with individuals 

262 inhabiting these areas before supplementary feeding commenced (Fenn et al. unpublished data, 

263 Appendix 6). Effects on ɸ1 were directly estimated from the proportions of fed and unfed colour-

264 ringed fledglings that survived to age one year (Appendix 6). Since almost all unfed fledglings died 

265 before age one and individual utilisation of supplementary food was highly consistent across ages, this 

266 approach could not be used to evaluate effects on ɸ2. Effects were therefore estimated by comparing 

267 mean population-wide values of ɸ2 between feeding and pre-feeding periods (Appendix 6). For 

268 current purposes, we assumed no effect of supplementary feeding on age at first breeding or 

269 dispersal.

270 To incorporate uncertainty in modelled effects of supplementary feeding, each model 

271 iteration drew values from the range of 10-100% of estimated effect sizes using Latin Hypercube 
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272 Sampling (Lacy et al., 2017). This conservative range was chosen because supplementary feeding was 

273 not carried out as a controlled experiment, meaning that differences between fed and unfed 

274 individuals might partly reflect differences in local habitat quality. 

275 We modelled simultaneous ecological and genetic management (scenario iv) by 

276 parameterizing the model with the same estimated effects of supplementary feeding plus each of the 

277 same three translocation scenarios as for the independent ecological and genetic management 

278 scenarios above.

279

280 Model implementation and analysis

281 The model was built in program VORTEX v10.2.17.0 (Lacy & Pollak, 2017). Initial subpopulation sizes 

282 were estimated from the number of breeding pairs in each area, plus the number of individuals 

283 fledged from each area that survived to age one or two in 2017 (i.e. sub-adults), with an initial stable 

284 age distribution calculated given the specified baseline demographic rates (Appendix 4).

285 For species like choughs with moderately long generation times (~6.7 years, Trask et al., 2017), 

286 the most appropriate time-frame for PVAs represents a trade-off between including sufficient 

287 generations to incorporate demographic and genetic processes affecting viability (Armbruster, 

288 Fernando, & Lande, 1999), and avoiding error and unreliable predictions due to unknown future 

289 environmental conditions (Beissinger & Westphal, 1998; Crone et al., 2013). Since we were interested 

290 in effects of inbreeding that may impact population viability over relatively short time-frames (Keller 

291 & Waller, 2002) we defined a  50 year time-frame, thereby encompassing ~7.5 chough generations, 

292 and allowing examination of how long genetic rescue effects last before inbreeding re-accumulates.

293 Each model was replicated 5,000 times. To compare the focal management scenarios, for each 

294 replicate we extracted population size in year 50, time to functional extinction (defined as a single sex 

295 remaining) and s calculated as the mean of the growth rate across extant years. Means and 95% 
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296 confidence intervals (95%CIs) for these metrics were calculated across replicates, using R v3.2.2 (R 

297 Development Core Team, 2017). The extinction probability (PE) was calculated as the proportion of 

298 replicate populations that went extinct within 50 years. 

299

300 RESULTS

301 No management

302 The baseline model, representing the ‘no management’ scenario, suggests that Islay’s chough 

303 population would decline to extinction relatively rapidly following cessation of supplementary 

304 feeding; all replicates went extinct within the projected 50 years (Fig. 3a). This outcome was effectively 

305 independent of the magnitude of inbreeding depression; the rank correlation between λs and 2B 

306 across replicates was very small (-0.03). 

307

308 Genetic management

309 Models that considered proposed genetic management scenarios (i.e. translocations), but no 

310 ecological management, suggest that Islay’s chough population would still decline to extinction within 

311 the projected 50-year time-frame under proposed genetic management scenarios (Fig. 3b). With up 

312 to two translocations of 24 individuals, and even with 48 individuals, ≤0.92, PE≥0.94, and mean time 𝜆𝑠

313 to extinction was 27-35 years. Genetic management alone is therefore unlikely to achieve population 

314 viability.

315

316 Ecological management

317 Supplementary feeding was estimated to have positive effects on ɸ1, ɸ2, ɸAd and breeding success 

318 (Fig. 2, Appendix 6). Models that included these effects, representing current ecological management 
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319 without genetic management, showed slower population decline (Fig. 3c): ~37% of replicate 

320 populations were still extant in year 50, when mean population size was 18 (95%CI: 0–175). The large 

321 95%CI demonstrates considerable uncertainty around the quantitative outcome (Fig. 3c). However, 

322 the overall qualitative difference from the ‘no management’ and ‘genetic management’ scenarios is 

323 reasonably clear; current ecological management has a positive effect in slowing the likely rate of 

324 population decline, but may not result in λs≥1 or hence population viability (Fig. 3).

325 To provide some validation of this assessment, the observed change in the Islay chough 

326 population size through the supplementary feeding period (2010-2017) falls within the 95%CI of the 

327 projected population sizes (Fig 3c, Appendix S8), implying that projections are reasonable.

328

329 Simultaneous genetic and ecological management scenario

330 Models that included simultaneous ecological and genetic management with one translocation of 24 

331 individuals predicted higher  than for current ecological management alone, but still predicted 𝜆𝑠

332 population decline (Fig. 3d, Appendix 7). With two translocations each of 24 individuals, population 

333 size was initially stable on average ( =1.00, 95%CI: 0.89–1.08 across years 8-25, Fig. 3d). However, 𝜆𝑠

334 there was a tendency for renewed decrease from year 25, reflecting re-accumulation of inbreeding (𝜆𝑠

335 =0.97, 95%CI: 0.82–1.06 across years 26-50, Fig. 3d, Appendix 3). With two larger translocations each 

336 of 48 individuals, population size was stable on average over the full 50-year time-frame (Fig. 3d). 

337 Again, there was substantial uncertainty in quantitative outcomes. However, the overall qualitative 

338 pattern compared to other modelled scenarios was again reasonably clear: simultaneous ecological 

339 and genetic management was the only scenario that yielded likely population viability. 

340

341

342
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343 DISCUSSION

344 Effective conservation of populations experiencing interacting ecological and genetic threats require 

345 explicit evaluation of the efficacy of different potential management strategies. We used unusually 

346 detailed demographic data from the Scottish chough population, which is of major conservation 

347 concern, to evaluate the efficacy of independent and simultaneous management strategies designed 

348 to alleviate the known ecological threat of food limitation, and the emerging genetic threat of 

349 accumulating inbreeding due to small Ne. We show that capacity to alleviate inbreeding depression 

350 through translocations is limited by ecological constraints attributable to food availability, while 

351 current supplementary feeding designed to alleviate these constraints may on its own be insufficient 

352 to ensure population viability in the presence of accumulating inbreeding. The only strategy that 

353 appears capable of achieving population viability is to ameliorate both inbreeding and food limitation 

354 through translocations alongside supplementary feeding. Our results therefore suggest that managers 

355 aiming to maintain the focal population must tackle ecological and genetic threats holistically, or risk 

356 failing to achieve management objectives and wasting conservation resources.

357 Our PVA suggests that, with no management, the Scottish chough population is likely to go 

358 extinct relatively rapidly regardless of the magnitude of inbreeding depression (Fig. 3a). Rapid 

359 population decline was also projected with genetic management alone (Fig. 3b). This concurs with the 

360 concept that inbreeding depression, and hence the potential for genetic rescue, will be minimal in 

361 very harsh environments where all individuals have low fitness (Fig. 1, Waller et al., 2008). Here, 

362 outbred offspring of matings between translocated and native individuals still experience high 

363 mortality because resources are simply insufficient to survive. Indeed, an immigrant into the Isle 

364 Royale wolf (Canis lupus) population had negligible impact on  despite increased heterozygosity, 

365 attributed to poor environmental conditions (Adams, Vucetich, Hedrick, Peterson, & Vucetich, 2011). 

366 Alternatively, genetic rescue may be negligible because most translocated individuals die before 

367 reproducing due to high environmentally-induced mortality, and hence generate negligible 
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368 outbreeding. For example, Eurasian otter (Lutra lutra) translocations in Sweden resulted in little 

369 evidence of genetic rescue, probably due to low survival of translocated individuals (Arrendal, Walker, 

370 Sundqvist, Hellborg, & Vilà, 2004). However, even our simulated large translocations, that ensured 

371 some translocated individuals survived to reproduce, resulted in little increase in s (Fig. 3b). This 

372 implies that genetic rescue may be negligible in choughs because of high offspring mortality regardless 

373 of Fi, rather than because high mortality of translocated individuals would impede outbreeding. Thus, 

374 our simulations highlight the critical need to ensure adequate habitat quality, or alleviate other 

375 ecological constraints, before attempting translocations to alleviate inbreeding depression. 

376 While available data suggest that current supplementary feeding of Scottish choughs is having 

377 valuable positive demographic effects (Fig. 2, Appendix 6), our PVA suggests that this intervention 

378 alone may be insufficient to ensure population viability (Fig. 3c). Continuing current supplementary 

379 feeding without mitigating genetic threats may ultimately fail to achieve conservation objectives. The 

380 only simulated management scenario that achieved population viability was simultaneous 

381 supplementary feeding and translocations. Here, supplementary feeding improved environmental 

382 quality enough to allow expression of inbreeding depression, meaning that the reduction in inbreeding 

383 resulting from translocations could increase λs (Figs. 1 & 3). Ideally, improvements in environmental 

384 quality would be achieved through agri-environment schemes that increase the abundance and 

385 availability of the chough’s invertebrate prey, for example through maintaining spatio-temporal 

386 diversity in vegetation height and managing antihelminthic treatment of livestock to increase dung 

387 invertebrates (Trask et al., 2019). Resultant increases in chough prey would need to be sufficient to 

388 achieve increases in key demographic rates comparable to current supplementary feeding. Indeed, 

389 our simulations assume that baseline environmental quality, and hence key demographic rates, do 

390 not deteriorate further. Translocated individuals were also assumed to experience the same 

391 demographic rates as existing natives. However, translocated individuals may have lower 

392 demographic rates than natives, as observed in captive-bred individuals (e.g. VanderWerf, Crampton, 

393 Diegmann, Atkinson, & Leonard, 2014), and thus may have less impact on λs. Ensuring viability of the 
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394 Scottish chough population will therefore require ecological management that is sufficient  to 

395 maintain or improve environmental quality and thus achieve high demographic rates of both native 

396 and translocated individuals, alongside translocations from a suitable source population. While 

397 concurrent ecological and genetic management strategies have been suggested for other threatened 

398 populations, including greater prairie chickens (Bouzat et al., 2009) and tigers (Panthera tigris, Kenney, 

399 Allendorf, McDougal, & Smith, 2014), our analyses quantitatively demonstrate the need for such 

400 holistic approaches.

401 The scenario of two moderate-sized translocations and supplementary feeding resulted in 

402 stable  for ~25 years (~3 chough generations), due to the joint genetic and demographic benefits of 𝜆𝑠

403 translocations alongside supplementary feeding (Appendix 7).  subsequently decreased due to re-𝜆𝑠

404 accumulating inbreeding (Fig. 3d, Appendix 3). Additional simulations showed that this can be resolved 

405 with a third translocation at year 25 or larger initial translocations, thereby ensuring population 

406 stability over the full 50-year period (Fig. 3d, Appendix 7). A similar pattern of decrease in inbreeding 

407 and increase in λ, followed by re-accumulation of inbreeding, was observed after immigration into a 

408 Scandinavian wolf population (Liberg et al., 2005); subsequent immigration then caused another 

409 decrease in inbreeding and increased λ (Akesson et al., 2016). This implies that longer-term viability 

410 of the Scottish chough population would require periodic future translocations, or re-establishment 

411 of population connectivity and dispersal that facilitates natural gene-flow.

412 Quantitative evaluations of proposed management approaches may be impeded by the 

413 inherent stochasticity of small, declining populations (Beissinger & Westphal, 1998). Additionally, key 

414 demographic and genetic parameters are commonly unknown; effects cannot be directly estimated 

415 for strategies that have not yet been implemented; and current strategies are often implemented as 

416 emergency interventions rather than controlled experiments (e.g. Oro, Margalida, Carrete, Heredia, 

417 & Donázar, 2008; Powlesland & Lloyd, 1994, Appendix 6). Our study is valuable because the high-

418 quality demographic data available allows such quantitative evaluations of ecological and genetic 
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419 management strategies, including consideration of their interdependence. Despite inevitable 

420 uncertainty in our model outcomes, the overall qualitative conclusions from scenario comparisons 

421 seem reasonably clear; conditional on model assumptions, simultaneous ecological and genetic 

422 management is the only scenario that is likely to result in a viable Scottish chough population. 

423 Management actions should therefore focus on implementing appropriate grassland management, 

424 complemented with translocations, with continued supplementary feeding until grassland 

425 management has sufficiently improved environmental quality. Decision makers must now urgently 

426 consider this biological conclusion within a wider socio-economic framework to assess the feasibility 

427 of these management strategies (Trask et al., 2019).
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629

630 Fig. 1. Conceptualised magnitude of inbreeding depression (zero to very strong) expressed in relation 

631 to environmental quality (very harsh to very good). (A) For a population experiencing a very harsh 

632 environment, the magnitude of inbreeding depression expressed is constrained by low variance in 

633 fitness, and will increase as environmental quality increases. (B) Above some environmental quality 

634 (dashed green line) the standard expectation that magnitude of inbreeding depression expressed 

635 decreases as environmental quality increases applies. The exact shape of the relationship will vary 

636 among traits, environments, populations and species. 

637

638 Fig. 2. Range of effects of supplementary feeding added on to first-year (ɸ1), second-year (ɸ2) and 

639 adult (ɸAd) survival probabilities (blue bars) and probability of producing a brood (red bar) considered 

640 in models of ecological management. 

641

642 Fig. 3. Size of Islay’s chough population projected 50 years into the future (2017-2067) with (a) no 

643 management, (b) genetic management only consisting of one or two translocations of 24 individuals 

644 each, or two large translocations of 48 individuals each, (c) ecological management only, and (d) 

645 simultaneous ecological and genetic management comprising the same three translocation scenarios. 

646 Mean population size (solid blue lines) with 95% CI (grey shaded area), mean stochastic population 

647 growth rate ( ) with 95% CI, and extinction probability within 50 years (PE) are shown. For (c), the 𝜆𝑠

648 estimated size of the real chough population after the start of supplementary feeding (red dashed 

649 line) is also shown.

650
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26 Appendix 1. Focal population

27 Islay’s chough population has been monitored since 1983, providing detailed demographic data. Each 

28 breeding season, nest-sites and flocking areas on Islay are surveyed, nestlings at accessible nests are 

29 ringed with unique colour-ring combinations at 2-3 weeks post hatch, and the adults breeding at each 

30 nest site are identified from their colour-rings. Age at first and last breeding, the proportion of females 

31 that produced a brood and brood size, and natal and breeding locations, are therefore recorded (Reid, 

32 Bignal, Bignal, McCracken, & Monaghan, 2003, 2006). Additionally, annual re-sightings of colour-

33 ringed individuals allow individual encounter histories to be compiled (Reid et al., 2008, 2004).

34 The Islay chough population is currently isolated from other British Isles chough populations. 

35 This is evidenced by high genetic differentiation among populations, including small but detectable 

36 genetic differentiation between Islay and the neighbouring population on Colonsay, even though the 

37 Colonsay population was founded from Islay in the 1980s (Wenzel et al., 2012). Indeed, despite colour-

38 ringing and intensive observations on both islands, no ringed individuals have been observed to 

39 disperse between islands for ~25 years. Further, the Northern Ireland and Mull of Kintyre populations, 

40 which could historically have provided immigrants to Islay, are now functionally extinct (Hayhow et 

41 al., 2018). Finally, estimates of the effective population size of choughs on Islay from demographic 

42 analyses (which assume no immigration) and genetic analyses (which account for immigration) were 

43 similar, thus further suggesting that there is currently no natural gene-flow into Islay (Trask, Bignal, 

44 McCracken, Piertney, & Reid, 2017). 

45 Areas across Islay differ in geology, topography and farming management practices. Adult 

46 chough are territorial, defending territories >1km2, and tend to forage close to their breeding site 

47 (within c500m, Bignal, Mccracken, Stillman, & Ovenden, 1996). Hence individuals breeding in different 

48 areas experience different habitat qualities. To account for this, the population model was structured 

49 into five different ‘subpopulations’ A-E, encompassing pairs breeding in areas of Islay where habitats 

50 and management strategies differ. These ‘subpopulations’ roughly coincide with areas of Islay termed 
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51 (A) Ardnave and Gruinart, (B) Ballygrant valley, (C) Coull and Kilchoman, (D) Oa and Laggan, and (E) 

52 Rhinns (excluding areas in A and C). Areas A and C constitute dune grassland and low-intensity pastoral 

53 farmland. Area B is a more sheltered valley on a distinct strip of limestone, with higher-intensity 

54 managed grassland. Area D is predominantly rough grassland and moorland and low-intensity pastoral 

55 farmland. Area E is predominantly a mix of dune grasslands and low-intensity pastoral farmland. Note 

56 that these ‘subpopulations’ are defined solely to allow models to capture known variation in chough 

57 demography within Islay (e.g. Reid et al., 2006), and should not be taken to imply that the Islay 

58 population comprises a strictly defined meta-population system comprising five discrete sub-

59 populations. Choughs breeding in and fledged from areas A-C have recently (i.e. approx. 2010 to date) 

60 received supplementary food, comprising feeding of mealworms during approximately July-April each 

61 year (Bignal & Bignal, 2011; Fenn et al. unpublished data).

62 The carrying capacities (CS) of these subpopulations were set to reflect the physical space 

63 available for breeding territories across Islay (Appendix 4). Other forms of density-dependent 

64 restrictions on s, such as could arise from food availability, were implicitly captured in model 

65 scenarios where baseline mortality rates reflect the current low food availability. This set-up allows us 

66 to fully explore the effects of ecological management through modelling the decreases in mortality 

67 and increases in reproductive success that we estimate are due to supplementary feeding. CS would 

68 then only restrict s in model scenarios with the best simulated conditions.

69 CS was modelled through truncation of subpopulation size (NS) when NS exceeded CS at the 

70 end of each modelled year. This CS truncation was implemented by setting the survival probabilities 

71 of individuals across all stage classes to 1/ (NS /CS). After CS truncation, expected NS ≈ CS (Lacy, Miller, 

72 & Traylor-Holzer, 2017). In practice, NS rarely exceeded CS in model simulations; for the scenario of 

73 simultaneous ecological and genetic management consisting of two translocations of 24 individuals 

74 each (Fig. 3d main manuscript), NS exceeded CS in less than 1% of replicates for area ‘A’, ~5% of 

75 replicates for area ‘B’ and ~4% replicates for area ‘C’, and never exceeded CS in areas in ‘D’ and ‘E’.
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76 Appendix 2. Baseline demography

77 The baseline model was parameterized with demographic rates estimated across the pre-

78 supplementary feeding period of 2003-2009 (Fig. S1). This pre-supplementary feeding period was 

79 selected as it covers a roughly equal time-period (i.e. seven years) to the observed feeding period of 

80 2010 – 2017, and comprises a period through which demographic monitoring effort was sufficiently 

81 intense to yield an annual ring-resighting probability close to one. The percentage of the Islay chough 

82 population that has been colour-ringed has increased over time; across the pre-supplementary 

83 feeding period ~65%±16SD of successful broods and ~33%±5SD of breeding adults were colour-ringed, 

84 while across the supplementary feeding period ~86%±12SD of successful broods and ~56%±10SD of 

85 breeding adults were colour-ringed.

86

87 Fig. S1. Schematic timeframe of the Scottish red-billed chough study. Demographic monitoring of the 

88 Islay chough population has been on-going since 1983 (solid black line), with the current PVA 

89 considering 50 years into the future (dotted black line). Supplementary feeding on Islay was started in 

90 2010 for individuals in subpopulations A and B, and extended to subpopulation C in 2011, and is on-

91 going. The baseline model uses data from the designated pre-feeding period (blue line). Effects of 

92 supplementary feeding used in the ecological management scenario are estimated from the feeding 

93 period (green line) compared to the pre-feeding period. 

94

95

96
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97 2.1 Estimating survival probabilities

98 Capture-Mark-Recapture (CMR) models were used to estimate stage-specific survival probabilities 

99 (ɸs), and hence mortality rates, for each subpopulation in the pre-supplementary feeding period (Fig. 

100 S1). Encounter history data of individuals colour-ringed 2003-2009 were used for all subpopulations 

101 except C, where supplementary feeding did not start until 2011, so that 2003-2010 encounter history 

102 data were used. As there were few ringed individuals from subpopulation D (only 7 nestlings), 

103 individuals from D and E were pooled and ɸs set equal across these subpopulations. Additionally, as 

104 relatively few individuals survive to age one, all one-year olds were pooled across subpopulations to 

105 estimate overall ɸ2. 

106 Initial analyses showed that models with constant resighting probabilities (P) for 2003-2010, 

107 were well supported, reflecting high resighting effort (P1) from 2003 onwards. Models that 

108 contained three stage classes, first-year (ɸ1, fledging to age one year), second-year (ɸ2, age one to age 

109 two) and adult (ɸAd, age three and older) classes were strongly supported, with ɸAd set equal across 

110 all individuals aged 2 years or older. This three stage-class structure concords with previous analyses 

111 of age-specific ɸs in the Islay chough population (Reid et al., 2004). 

112

113 2.2 Environmental variation in stage-specific survival 

114 The total variance in ɸs observed across years (σ2
t) comprises both biological process variance (σ2

p, i.e. 

115 environmental variation) and sampling variance (σ2
s, demographic stochasticity due to binomial 

116 sampling variance, Burnham & White 2002). Utilising σ2
p, as opposed to σ2

t, in stochastic population 

117 models is important because σ2
t will over-estimate variation in ɸs and therefore may over-estimate 

118 population extinction probabilities (White, 2000). To decompose σ2
t into its variance components and 

119 thus estimate σ2
p, we used random year effects CMR models. We used the full encounter history data 

120 of individuals ringed during 1983-2017 with fully year-dependent P to maximise power to estimate ɸs 
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121 each year and hence estimate σ2
p. We estimated σ2

p across all pre-feeding years (1983-2009) to avoid 

122 potential bias from considering too few years (e.g. 2003-2009 only). This approach calculates σ2
s from 

123 the expectation due to a binomial process, and therefore σ2
p can be calculated by subtracting σ2

s from 

124 σ2
t (Burnham & White, 2002).

125 Variation in ɸ1 is tightly correlated with the cyclic population dynamics of tipulids (Reid et al., 

126 2008), which are a major prey species of choughs (McCracken, Foster, Bignal, Bigna, & Bignal, 1992). 

127 This cyclicity generates positive temporal autocorrelation in ɸ1, which could produce runs of high or 

128 low population growth rates (e.g. Beissinger & McCullough, 2002; Lande, Engen, & Saether, 1995). 

129 Failure to capture such temporal autocorrelation in models could result in under-estimation of 

130 population extinction probability. This is because runs of low population growth rates will increase 

131 extinction probability while runs of high growth rates will be limited by the modelled physical carrying 

132 capacity (Beissinger & McCullough, 2002). It could also cause uncertainty in model outcomes to be 

133 under-estimated, by under-estimating the variance in long-term population growth rate. To capture 

134 this temporal autocorrelation, σ2
p in ɸ1 was partitioned so that half of σ2

p was modelled as cyclic 

135 variation with five-year periodicity and half of σ2
p was stochastic. 

136 First year mortality rate (M1) with cyclic variation was therefore modelled as:

137 , eqn. S1𝑀1 = 𝑚1 + ((𝜎2
𝑝 × 100)

2  × sin (𝜋 × 𝑌
2.5 ))

138 where m1 is the mean first-year mortality rate (i.e. calculated from ɸ1, Appendix 4, Table S2),  is the 𝜎2
𝑝

139 environmental variation in ɸ1 (divided by two so that it is equally partitioned between cyclic and 

140 stochastic variation) and Y is the year in the population model. The start point of each cycle in M1 

141 varied across model replicates by randomly adding 0 - 4 to Y. The stochastic component of 

142 environmental variation in M1 was then modelled as a standard deviation around M1 (Lacy et al., 

143 2017).
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144 As environmental variation in reproductive success is small (among-year variance in mean 

145 breeding success = 0.12) compared to that in ɸ1 (Reid et al., 2004), the environmental variation in 

146 reproductive success was implicitly captured through the high modelled variance in ɸ1. Environmental 

147 variation was completely correlated across the five modelled subpopulations (r =1); the relatively 

148 small size of Islay (~620 km2) and contiguous nature of the different subpopulation areas means that 

149 yearly variation in environmental conditions is broadly similar across the island.

150
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151 Appendix 3. Inbreeding and inbreeding depression

152 3.1 Estimation of population mean inbreeding coefficient Fp

153 To estimate the population mean inbreeding coefficient (Fp) and pairwise relatedness (r) between 

154 individuals, we used microsatellite genotype data from adults (n=61) from a sample of nest sites across 

155 Islay in the 2012-2014 breeding seasons. Chough moult coincides with breeding, therefore DNA from 

156 breeding pairs at each nest site was non-invasively sampled by collecting moulted feathers. DNA was 

157 extracted from 3-5 mm clippings of the lower feather calamus, using standard ammonium acetate 

158 precipitation (Hogan, Cooke, Burridge, & Norman, 2008; Trask et al., 2016). All individuals were initially 

159 genotyped at 13 microsatellite loci developed for choughs and polymorphic in the Islay population 

160 (Wenzel et al. 2011). To increase power for estimating relatedness, individuals sampled in 2014 (n=31) 

161 were genotyped at a further five polymorphic microsatellite loci cross-amplified from other passerine 

162 species (Trask et al., 2016). After tests for scoring errors and conformity to Hardy–Weinberg and 

163 linkage equilibrium, one locus (Ppy-005) did not conform to Hardy-Weinberg equilibrium and so was 

164 excluded and 17 microsatellite loci were used for analyses. Details of genotyping conditions are 

165 described in Trask et al. (2016) and descriptive statistics of microsatellite loci are provided in Table S1.

166 We used the Dyadic likelihood estimator (Milligan, 2003) to estimate individual’s inbreeding 

167 coefficients (Fi) of genotyped individuals as the probability that two homologous alleles within an 

168 individual are identical by descent (IBD), and Fp as the mean Fi across individuals, and r as the 

169 probability that identical alleles occur in the genotypes of pairs of individuals, from estimates of the 

170 nine IBD coefficients (Milligan, 2003). The Dyadic likelihood estimator was chosen as the most 

171 appropriate estimator for the Islay chough population following simulations of different pairwise 

172 relatedness estimators based on observed allele frequencies (Trask et al., 2016). Likelihood estimators 

173 can account for genotyping error and inbreeding in the population and are constrained to the 

174 biologically meaningful range of 0-1. Simulations and calculations were carried out in the program 

175 Coancestry v1.0.1.8 (Wang, 2011).
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176 These analyses yielded estimates of Fp =0.08±0.02SE and r =0.15±0.01SE. Estimates of Fp and 

177 r from modest numbers of microsatellite markers may imprecisely estimate true relatedness (i.e. true 

178 IBD) and inbreeding due to stochastic differences in true IBD among sampled loci and to chance 

179 sharing of alleles identical-by-state (Blouin, 2003). This is apparent in the relatively high uncertainty 

180 around our estimates. Additionally, estimates from microsatellite markers may underestimate true Fp 

181 and r due to ascertainment bias, because polymorphic markers were selected (Trask, et al., 2017; 

182 Wenzel et al., 2012). To account for likely underestimation, as well as expected increases in Fp and r 

183 during the elapsed time between sampling and implementation of any translocations given the known 

184 small Ne (Trask et al., 2017), we set founder Fp =0.1, and pairwise coefficient of kinship (K) =0.1 (where 

185 K = ½r). In practice, sensitivity analyses showed that small variations in initial Fp and K result in only 

186 small changes to model outcomes (Appendix 3.2).

187

188

189
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190 Table S1. Descriptive statistics of microsatellite DNA markers used to estimate population mean 

191 inbreeding (FP) and pairwise relatedness (r).  GenBank accession number, allele size ranges, number 

192 of alleles per locus (Na) and observed (HO) and expected (HE) heterozygosity values, frequencies of null 

193 alleles, F(null) and % of missing genotype data from 61 Islay choughs are shown. Na, HO and He were 

194 calculated using GenAlex v6.5 (Peakall & Smouse, 2012). F(null) was calculated in MICRO-CHECKER 

195 v2.2.3 (van Oosterhout, Hutchinson, Wills, & Shipley, 2004).  1 locus developed specifically for red-

196 billed chough, Pyrrhocorax pyrrhocorax (Wenzel et al. 2011), 2 cross-amplified from Aphelocoma  

197 coerulescens (Stenzler & Fitzpatrick, 2002), 3 cross-amplified from Corcorax melanorhamphos (Beck, 

198 Peakall, & Heinsohn, 2003), 4 cross-amplified from Perisoreus infaustus (Jaari, Välimäki, & Merilä, 

199 2008). 

Locus 

name

GenBank 

accession no.

Allele size 

range

Na HO HE Oosterhout 

F(null)

% missing 

data (n=61)

Ppy-0011 JF304556 151-175 3 0.50 0.51 -0.03 0

Ppy-0031 JF304558 292-340 3 0.26 0.23 -0.17 0

Ppy-004 1 JF304559 195-203 3 0.19 0.17 -0.06 0

Ppy-005 1 JF304560 230-238 2 0.91 0.50 -0.69 0

Ppy-007 1 JF304562 161-185 5 0.71 0.72 -0.19 13

Ppy-008 1 JF304563 245-257 4 0.50 0.51 0.06 2

Ppy-009 1 JF304564 230-234 2 0.06 0.09 0.03 2

Ppy-010 1 JF304565 130-134 3 0.28 0.31 -0.10 0

Ppy-011 1 JF304566 167-187 3 0.76 0.63 -0.06 3

Ppy-012 1 JF304567 218-230 2 0.28 0.27 -0.01 2

Ppy-013 1 JF304568 207-213 4 0.70 0.59 -0.08 0

Ppy-014 1 JF304569 243-247 2 0.32 0.27 -0.16 2

Ppy-016 1 JF304571 224-244 6 0.43 0.37 -0.20 0

APCO302 AF520890 194-203 3 0.62 0.51 -0.14 49*

CMEH23 AY330729 149-159 3 0.32 0.37 -0.09 51*

SJ0144 EU478887 268-274 2 0.37 0.34 -0.16 49*

SJ0584 EU478931 145-175 6 0.65 0.64 0.05 49*

SJ0994 EU478972 138-162 5 0.91 0.71 0.02 56*

200 * Only individuals sampled in the 2014 breeding season (n=31) were genotyped at these loci.
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201

202 3.2 Sensitivity to starting population mean K and Fp

203 To test the sensitivity of scenario model outcomes to starting mean K and Fp, we re-ran our model 

204 scenario of joint ecological and genetic management (consisting of two translocations of 24 individuals 

205 at years 3 and 6) under three alternative initial K and Fp values; low K and Fp of 0.05, moderate K and 

206 Fp of 0.075 and high K and Fp of 0.15. The moderate K and Fp values were chosen to roughly match Fp 

207 estimated from genotype data of adults sampled 2012-2014 (Appendix 3.1), while the high and low K 

208 and Fp were chosen to consider the possibility of slight over- and under-estimation of K and Fp, 

209 respectively.

210 Simulations showed that small variations in initial Fp and K resulted in only small changes to 

211 model outcomes for our simultaneous ecological and genetic management scenario compared to 

212 when using our focal value of 0.1, and did not change overall conclusions (Fig. S2 compared to Fig. 3d, 

213 main manuscript). Simulations with low and moderate initial K and Fp values suggest joint ecological 

214 and genetic management may result in slightly lower long-term  than simulations of high initial K 𝜆𝑠

215 and Fp (Fig. S2). This is because putative outbred ɸ1 depends on observed (i.e. inbred) ɸ1 and Fi 

216 (Morton, Crow, & Muller, 1956). Given our observed ɸ1, if Fi is high then putative outbred survival will 

217 be higher than if Fi is low. This means that in scenarios of higher initial Fi, translocations can result in 

218 greater improvements in . If Fi in Scottish choughs is in fact currently slightly lower than our focal 𝜆𝑠

219 value of 0.1, in the absence of translocations or natural immigration it will inevitably increase to and 

220 above this value given the small Ne (Trask et al., 2017).

221

222

223
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224  

225

226

227 Fig. S2. Size of Islay’s chough population projected 50 years into the future under simultaneous 

228 ecological and genetic management, with initial K and Fp of (a) 0.05, (b) 0.075 and (c) 0.15. Mean 

229 population size (orange line) and 95% CI (grey shaded area) are shown, with the mean stochastic 

230 population growth rate ( ) with 95% CI, and extinction probability within 50 years (PE). 𝜆𝑠

231

Po
pu

la
tio

n 
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ze

Year

(a)

(b)

= 0.97 (95% CI: 0.90–1.04)𝜆𝑠

PE = 0.35

= 0.98 (95% CI: 0.90–1.05)𝜆𝑠

PE = 0.28

(c)
= 1.01 (95% CI: 0.92–1.08)𝜆𝑠

PE = 0.12
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232 3.3. Estimates of inbreeding load (B) in wild populations

233 Inbreeding load (B), measured as the number of haploid lethal equivalents, is difficult to estimate for 

234 wild populations. This is partly because unbiased estimates of B require estimating individual 

235 inbreeding coefficients Fi without error (Reid et al. 2014). Fi can be estimated from pedigree or 

236 molecular marker data, but accuracy of pedigree Fi estimates depend on pedigree depth, 

237 completeness and lack of error (Pemberton 2008; Reid et al. 2014), while molecular marker Fi 

238 estimates from limited numbers of markers may be only weakly correlated with realised Fi (Pemberton 

239 2004). Fi estimated from runs of homozygosity can in principle yield unbiased estimates of B 

240 (Nietlisbach, Muff, Reid, Whitlock, & Keller, 2019), but the required genomic data are often not 

241 available for wild populations. However, even with accurate estimates of Fi, there may be little power 

242 to estimate B in normally outbreeding populations where there are few inbred individuals and in small 

243 populations experiencing uniformly high levels of inbreeding, such that there is little variation in Fi 

244 (Keller and Waller 2002; Pemberton et al. 2017). These difficulties in gaining accurate estimates of B 

245 can lead to high uncertainty in estimates (e.g. Wolak et al. 2018), and therefore uncertainty in 

246 quantifying the impact of inbreeding depression on population viability.

247 We used a range of 2B = 3-15 in our PVA. The lower limit of three reflects the average 

248 estimated across a variety of captive populations (Ralls, Ballou, & Templeton, 1988), which are likely 

249 to experience weaker inbreeding depression than wild populations (Crnokrak & Roff, 1999). The upper 

250 limit of 15 is a rough estimate of 2B across the life-span in wild vertebrate populations. This is 

251 calculated from an estimate of 2B≈7 for survival to sexual maturity averaged across comparable 

252 studies (Nietlisbach et al., 2019), plus 2B≈8 for adult survival averaged across white-footed mice 

253 (Peromyscus leucopus, Jimenez, Hughes, Alaks, Grahamt, & Lacyt, 1994) and song sparrows (Melospiza 

254 melodia, Keller, 1998). However, this does not include an estimate for 2B on fecundity as a comparable 

255 and unbiased estimate from a wild population was unavailable (Nietlisbach et al., 2018). Some studies 

256 of wild populations have found very high estimates of 2B on total fitness, such as B≈25 in song 
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257 sparrows (Wolak et al., 2018). However, as we applied all inbreeding load onto a single trait (ɸ1) in our 

258 model, the maximum 2B we can apply is constrained to be a biologically feasible value of outbred ɸ1 

259 (i.e. outbred ɸ1 must be between 0 and 1). Our upper limit of 2B=15 was therefore also selected to 

260 reflect a feasible outbred ɸ1 for choughs (Fig. S3).

261

262 Fig. S3. The expected first year survival probability (ɸ1) given mean population-level inbreeding 

263 coefficient (FP) and if inbreeding load (2B) was 15 (red line), 7 (black line) and 3 (blue line). Purple 

264 arrow marks the observed ɸ1 for area ‘A’, given FP ~0.1.

265

266 3.4 Tracking change in mean population inbreeding (∆Fp) in Vortex

267 Vortex by default calculates Fp from the homozygosity of simulated loci, assuming all starting loci are 

268 heterozygous and thus founding individuals are outbred (Lacy et al., 2017). To calculate Fp across 

269 generations given our defined initial Fp, we created an individual state variable (ISVAR) equal to Fi 

270 values calculated from the simulated pedigree. We then created a population state variable (PSVAR) 

271 equal to the mean inbreeding level of each subpopulation and a global state variable (GSVAR) equal 

272 to the mean inbreeding level of the total population. The annual sequence of events within the Vortex 

273 model was then altered from the default to update the ISVAR, before the PSVAR and GSVAR so that Fi 

274 are determined before Fp (Lacy et al., 2017). 
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275 Inbreeding depression was then modelled using a quantitative genetics approach, through a 

276 reduction in ɸ1 depending on Fi and B following Morton et al., (1956). This approach was used, as 

277 opposed to explicitly modelling individual loci, so that the magnitude of inbreeding depression 

278 expressed was modelled entirely as a function of Fi and therefore would account for initial Fp.

279 Fp in modelled scenarios was tracked over time to ensure Fp changed as expected given 

280 continued isolation or translocations of unrelated individuals. Fp increased relatively rapidly for the no 

281 management scenario (Fig. S4a), until all simulated populations went extinct at year 41. Fp also 

282 increased for the ecological management scenario, with change in Fp (∆Fp) ≈0.07 over 50 years (Fig. 

283 S4c). Conversely, for both the genetic management and simultaneous ecological and genetic 

284 management scenarios Fp showed an initial decrease after translocations followed by increase to 

285 approximately pre-translocation Fp by year 50 (Fig. S4b & d). 

286

Page 46 of 66

Confidential Review copy

Journal of Applied Ecology



17

287

288

289

290

291 Fig. S4. Population mean inbreeding coefficient (Fp) projected 50 years into the future given (a) no 

292 management, (b) genetic management only, (c) ecological management only, and (d) simultaneous 

293 ecological and genetic management. Fp (blue lines) and 95% CI (grey shaded areas) are shown. 
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294 Appendix 4. Model input parameter values

295 Table S2. Parameter values for the no management (i.e. baseline) model, implemented in Vortex v10.2.17.0 (Lacy & Pollak, 2017).

296 † Observed first year survival probabilities (ɸ1) for each subpopulation were used to estimate the expected outbred 1st year mortality rates (M1) that were 

297 inputted into the model,  given B and Fi and following Morton, Crow, & Muller (1956), and with cyclic environmental variation (half the standard deviation in 

298 first year mortality probability, Appendix 2.2) included as:

299 = 100-((EXP(LN(ɸ1)+((SV1/2)*0.1)))*100)+(7.5*SIN((Pi*ROUND(SV2)))/2.5)),

300 with SV1 being the number of diploid lethal equivalents (2B=3-15) and SV2 being a random variable of 0-4.

Parameter Estimate

Model structure

Subpopulations: A B C D E

Initial subpopulation size 28 14 19 10 47

Carrying capacity 100 60 90 90 150

Dispersing age class 3

Survival of dispersers 100

Dispersal rates:

A B C D E

A 35 15 25 0 25
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B 20 50 10 5 15

C 0 10 50 15 25

D 0 0 0 50 50

E 10 5 15 5 65

Correlation in environmental 

variation between 

reproduction and survival

0

Correlation in environmental 

variation among populations
1

Demography

Reproductive system Long-term monogamy

Age 1st offspring 3

Age last offspring 17

Max. lifespan 17

Max broods per year 1

Max progeny per brood 5

Birth sex ratio 0.5

% adult females breeding 

(±SD)
100 (±0)

% males breeding 100
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Reproductive success

A B C D E

% failures (i.e. 0 broods) 35 35 32 40 45

Mean brood sizes given 

success (±SD):
2.6 (±0.9) 2.8 (±1.3) 2.9 (±1.0) 2.5 (±1.1) 2.6 (±1.2)

Mortality

A B C D E

First year survival probability, 

ɸ1 (±SD)†
0.31 (±0.15) 0.25 (±0.15) 0.16 (±0.15) 0.29 (±0.15) 0.29 (±0.15)

Second year mortality rate, m2 

(±SD)*
26 (±17) 26 (±17) 26 (±17) 26 (±17) 26 (±17)

Adult mortality rate, mAd 

(±SD)*
20 (±4) 20 (±4) 20 (±4) 27 (±4) 27 (±4)

Genetics

Initial kinship and inbreeding 

coefficients
0.1

Lethal equivalents (i.e. SV1) 3-15

301 * Mortality rates in the model are defined as the percentage of individuals alive at age x that die before reaching age x + 1.

302

303
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304 Table S3. Functions used for models of ecological management (i.e. supplementary feeding). SV1 is the number of diploid lethal equivalents (2B=3-15) and 

305 SV2 is a random variable of 0-4. SV3-6 are the estimated effects of supplementary feeding on key demographic rates; SV3 is applied to observed first-year 

306 survival probability (ɸ1), SV4 and SV5 are applied to second year and adult mortality probabilities, SV6 is applied to the percentage of successful broods.

Mortality

1st year† = 100-((EXP(LN(ɸ1 +SV3)+((SV1/2)*0.1)))*100)+(7.5*SIN((Pi*ROUND(SV2)))/2.5))

2nd year = m2-SV4

Adult = mad-SV5

Reproductive success

% 0 broods = BS-(BS*SV6)

307 †1st year mortality probabilities are formulated as the expected outbred mortality probability given observed ɸ1, B and Fi, following Morton, Crow, & Muller 

308 (1956), and with  cyclic environmental variation added.
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309 Appendix 5. Genetic management scenarios

310 Genetic management scenarios were formulated in consultation with key stakeholders and 

311 conservation managers in the Scottish Chough Forum and were designed principally to investigate the 

312 potential for genetic rescue to occur given prevailing environmental conditions, resulting in increased 

313 λs. Current scenarios were not designed to explicitly determine the details of optimal translocation 

314 strategies.

315 As such, we modelled translocation events consisting of equal numbers of aged one females 

316 and males added to subpopulations A-C. Translocated choughs were envisaged to come from a 

317 suitable source population outside Scotland. This could be another British or Irish chough population 

318 that is large enough to sustain removals of individuals, or a captive population, such as was used to 

319 support the recent reintroduction of choughs to the Channel islands (Hayhow et al., 2018; Wenzel et 

320 al., 2012). An equal sex ratio of translocated individuals was used to create the maximum number of 

321 potential breeding pairs with native individuals, given an approximately equal sex ratio of native sub-

322 adults and the chough’s monogamous mating system. Translocated individuals took the same 

323 demographic rates as native individuals. Translocated individuals of age one were therefore used to 

324 avoid the high first-year mortality experienced by native individuals, so that translocated individuals 

325 had increased probability of surviving to breed and therefore resulting in outbreeding. Similarly, 

326 translocated individuals were added into subpopulations A-C so that these individuals took 

327 demographic rates including effects of supplementary feeding in scenarios of ecological management, 

328 but pre-supplementary feeding demographic rates in scenarios without ecological management. The 

329 potential for genetic rescue effects to occur given environmental conditions with or without ecological 

330 management effects added could therefore be examined. In reality, translocated may not always 

331 achieve the same demographic rates as native individuals, for example if they are sourced from a 

332 captive population (Carrete & Tella, 2015; VanderWerf, Crampton, Diegmann, Atkinson, & Leonard, 

333 2014), and therefore may have less impact of λs. Such effects may be able to be partly mitigated by 
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334 using appropriate release strategies (e.g.  ‘soft releases’ and adequate post-release management, 

335 Ewen, Armstrong, Parker, & Seddon, 2012). 

336 We considered scenarios of moderate sized translocations of 24 individuals in year 3 and two 

337 such translocations in years 3 and 6. These moderate-sized translocations were chosen to be smaller 

338 than the average size of the sub-adult flock on Islay (mean estimated sub-adult flock size 2010-2017 = 

339 37±5 SE) to avoid ‘genetic swamping’ of the native population, but to include enough individuals that 

340 some would survive to breed.

341 Additionally, we modelled a scenario of two large translocation events of 48 individuals each. 

342 This scenario was designed to further ensure that some translocated individuals would survive to 

343 breed and therefore some outbreeding would occur. Comparisons between scenarios therefore 

344 allowed us to examine whether observed genetic rescue effects were limited by either (i) mortality of 

345 translocated individuals before breeding such that no outbred offspring were produced or (ii) 

346 mortality of outbred offspring from matings between translocated and native individuals (i.e. 

347 regardless of Fi), due to environmental quality. In future, following a decision to proceed with 

348 translocation planning, further scenarios of different translocation strategies could be modelled to 

349 identify optimal and feasible approaches.

350 Translocations have the potential to have negative impacts on population viability,  through 

351 reduction in fitness of individuals in subsequent admixed generations due to outbreeding depression 

352 (Edmands, 2007; Frankham et al., 2011). However, outbreeding depression is thought to be unlikely 

353 when individuals are translocated between populations of the same species that inhabit similar 

354 environments and that have shared gene-flow in the last ~500 years (Frankham et al., 2011). Thus, 

355 selection of an appropriate donor population is likely to be able to mitigate the risk of outbreeding 

356 depression. We therefore did not include such effects in our PVA.

357
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358 Appendix 6. Ecological management as supplementary feeding

359 6.1 Estimation of the impact of supplementary feeding on sub-adult survival

360 Due to high annual resighting probabilities of colour-ringed individuals, the effect of supplementary 

361 feeding on first-year survival probability (ɸ1) was estimated by direct comparison between the 

362 proportion of colour-ringed fledglings surviving to age one that had received supplementary food 

363 (hereafter ‘fed’) and those that had not (hereafter ‘unfed’). Colour-ringed individuals were classed as 

364 fed or unfed depending on how often they were observed attending the supplementary feeding; 

365 individuals were classed as fed if they were observed at least once at subpopulation C or on at least 5 

366 occasions at subpopulation A, to account for lower resighting effort during the months feeding was 

367 carried out each year at C compared to A. Fledglings that died before mid-July (i.e. before 

368 supplementary feeding started each year) were removed from the analysis as this could downwardly 

369 bias survival rates of the unfed group.

370 The proportions of fed and unfed individuals surviving to age one were 0.45 and 0.05 out of a 

371 grand total of 273 and 175 fed and unfed individuals, respectively, across the years of the feeding 

372 period. ɸ1 of fed individuals may therefore be comparable to the long-term pre- population collapse 

373 (1983 - 2006) average ɸ1 ~0.41. We therefore modelled an effect of supplementary feeding on ɸ1 of 

374 0.015 – 0.15 added onto baseline ɸ1 in the fed subpopulations (Table S2, Fig. 2 main manuscript). This 

375 range of effect sizes represents a pragmatic estimate of the effect of supplementary feeding on ɸ1, as 

376 individuals in the fed subpopulations can experience a maximum ɸ1 comparable to the long-term 

377 average for the Islay chough population but also a minimum effect size of only 10% of the potential 

378 effect of supplementary feeding. 

379 To estimate the effect of supplementary feeding on second-year survival probability (ɸ2) 

380 direct comparison between fed and unfed one-year old individuals surviving to age two was not 

381 possible because almost all (97%, 107/110) one-year old individuals attended the supplementary 

382 feeding. Consequently, ɸ2 in the feeding period was compared to long-term mean ɸ2 before the 
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383 periods of extremely low sub-adult survival that sparked the implementation of supplementary 

384 feeding (i.e. 1983 – 2006, Reid et al. 2011). 

385 The mean proportion of fed one-year olds (N=107) surviving to age two was 0.68±0.07 SE. Of 

386 the three unfed one-year olds, the proportion that survived to age two was 0. The survival of fed one 

387 year olds to age two may therefore be comparable to the long-term mean ɸ2 ~0.68±0.03SE (excluding 

388 years 2001, 2003 and 2004 where there were very few surviving one year olds with which to estimate 

389 ɸ2, Reid et al. 2008). As a conservative estimate, we therefore modelled an effect of feeding of 0 – 

390 0.05 added onto baseline ɸ2 in the fed subpopulations (Table S2, Fig. 2 main manuscript), with a 

391 minimum effect size of 0 to reflect the higher uncertainty in the estimated impact of supplementary 

392 feeding on ɸ2 compared to other demographic rates.

393

394 6.2 Estimation of the impact of supplementary feeding on adult survival and reproductive success

395 Effects on annual ɸAd and reproductive success were estimated using before-after control-impact 

396 (BACI) analyses that compared individuals inhabiting areas associated with and without 

397 supplementary feeding during the feeding programme (2010-18), with individuals inhabiting these 

398 areas in years prior to supplementary feeding (2003-09, Fenn et al. unpublished data). It was assumed 

399 that changes in environmental conditions were negligible between the two periods, and therefore 

400 that differences between areas and time periods represent the effect of the supplementary feeding. 

401

402 On Islay, 161 adults over the duration of the study period (2003-18) were included in the ɸAd analyses, 

403 of which 105 individuals were alive during the years with supplementary feeding. The fed adults 

404 comprised those whose breeding territories and/or winter locations adjoined the feeding areas. Since 

405 seasonal locations are very highly repeatable, only two individual adults ever switched area type (fed 

406 or unfed) during the supplementary feeding years. As the outcome of breeding events were not always 
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407 known, sample sizes for analyses of reproductive success were reduced from that available for analysis 

408 of ɸAd (Table S4).

409

410 Table S4. Total numbers of individuals (N individuals) and the data points they contributed (N data 

411 points) to analyses of supplementary feeding effects on adult demographic rates.

Survival (ɸAd) Reproductive successTime period Area

N data points N individuals N data points N individuals

Unfed 140 44 85 28Supplementary feeding 

years (2010-18) Fed 222 63 178 46

Unfed 117 34 69 22Pre-supplementary 

feeding years (2003-09) Fed 148 59 84 37

412

413 The effect of supplementary feeding on annual reproductive success was assessed by modelling two 

414 breeding success components: whether or not an individual successfully produced a brood (binary 

415 data, binomial distribution), and the realised brood size at fledging conditional on success (continuous 

416 data, Poisson distribution), in relation to whether the individual lived in a fed or unfed area the year 

417 immediately prior to each breeding season (Fenn et al. unpublished data). As the male and female 

418 within a breeding pair would have the same breeding success in a given year, and both individuals 

419 within a breeding pair could be colour ringed, reproductive success models were run for each sex 

420 separately to avoid pseudoreplication. 

421

422 Annual resighting probabilities across all years considered were consistently high (P≈ 1). Therefore, 

423 generalised linear mixed models (GLMMs) with either a binomial or Poisson error structure, and with 

424 logit or log link function, respectively, were fitted. Potential age effects were controlled for by 

425 including linear or quadratic age terms in all models, which were mean-centred. Time period (pre-

426 supplementary feeding years or supplementary feeding years), Area (unfed or fed area), the 
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427 interaction between Time period and Area, and age terms were modelled as fixed effects, with 

428 random individual identity effects (Fenn et al. unpublished data).

429
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430 Appendix 7. Simultaneous ecological and genetic management scenarios

431 We modelled an additional simultaneous ecological and genetic management scenario, consisting of 

432 three moderate-sized translocations of 24 individuals in years 3, 6 and 25. This scenario was designed 

433 to evaluate whether a third, later translocation would be able to alleviate the re-accumulation of 

434 inbreeding in the population, and therefore increase . The simulation suggests additional  𝜆𝑠

435 translocations into the future may be able to ensure population stability over the full 50-year period, 

436 compared to a scenario of two moderate-sized translocations in only years 3 and 6, alongside 

437 supplementary feeding (Fig. S5 and Fig. 3d main manuscript).

438 We also modelled a scenario of simultaneous ecological and genetic management, consisting 

439 of two moderate-sized translocations of 24 individuals each in years 3 and 6, but with inbreeding load 

440 (B) set to 0.  This scenario was designed to evaluate the effects of demographic rescue, as opposed to 

441 genetic rescue, that may arise from increased population size and therefore reduced demographic 

442 stochasticity following translocations (Brown & Kodric-Brown, 1977). The simulation suggests 

443 translocating individuals alongside supplementary feeding, but with no associated alleviation of 

444 inbreeding depression, results in increased  compared to a scenario of supplementary feeding with 𝜆𝑠

445 no translocations (Fig. S5b compared to Fig. 3c main manuscript), but does not achieve the same 

446 increases in  as a scenario of translocating individuals alongside supplementary feeding and 𝜆𝑠

447 alleviating inbreeding depression (Fig. S5b compared to Fig. 3d main manuscript). Thus, alleviation of 

448 inbreeding depression through translocations (i.e. genetic rescue) as well as its associated 

449 demographic benefits, alongside supplementary feeding, are required to achieve population viability.

450

451

452

453
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454

455

456 Fig. S5. Size of Islay’s chough population projected 50 years into the future with (a) simultaneous 

457 genetic and ecological management, with genetic management consisting of three translocations of 

458 24 individuals at years 3, 6 and 25, and (b) simultaneous genetic and ecological management, with 

459 genetic management consisting of two translocations of 24 individuals each, with inbreeding load (B) 

460 set to 0.  Mean population size (orange line) with 95% CI (grey shaded area) are shown, with the mean 

461 stochastic population growth rate ( ) with 95% CI, and extinction probability within 50 years (PE).𝜆𝑠

462

= 1.00 (95% CI: 0.94–1.07)𝜆𝑠

PE = 0.10

Po
pu

la
tio

n 
si

ze

= 0.97 (95% CI: 0.90–1.04)𝜆𝑠

PE = 0.35

(a)

(b)
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463 Appendix 8. Validation of model projections 

464 We evaluated how well our model of ‘no management’ could reproduce previous population 

465 projections of the Islay chough population based on observations of pre-supplementary feeding 

466 demographic rates, to provide broad validation. Previous population models projected deterministic 

467 λ= 0.87 (Reid et al., 2011). Our slightly lower estimate reflects the stochasticity and inbreeding 

468 depression included in our model, which was not included in the previous analyses (Fig. 3a).  

469 We evaluated how well our model of ‘ecological management only’ could reproduce observed 

470 Islay chough population trends after implementation of supplementary feeding. We compared 

471 projected total population size to the population size estimated from the observed chough population 

472 on Islay in the supplementary feeding period (2010-2017). Annual population sizes (N) were estimated 

473 based on the numbers of observed breeding pairs (NBP) each year (t) for the total population, plus the 

474 estimated number of sub-adults (i.e. one- and two-year old individuals), following equation S2:

475 eqn.S2𝑁𝑡 = 2𝑁𝐵𝑃𝑡 + (𝑁𝐵𝑃𝑡 ― 1 × 𝐵𝑆𝑡 ― 1 × ɸ1𝑡 ― 1) +(𝑁𝐵𝑃𝑡 ― 2 × 𝐵𝑆𝑡 ― 2 × ɸ1𝑡 ― 2 × ɸ2𝑡 ― 1 )

476 Where BS is the mean breeding success (mean number of fledglings per monitored nest) across 

477 breeding pairs in a given year, and ɸ1 and ɸ2 is first and second year survival probability in a given 

478 year, respectively. This estimation of population size allows comparison of overall population trends 

479 as opposed to absolute population sizes, because the pre-supplementary feeding period covers the 

480 period from the start of supplementary feeding up to 2017, while the model projects forward from 

481 2017 (Fig. S1).

482

483

484

485

Page 60 of 66

Confidential Review copy

Journal of Applied Ecology



31

486 References

487 Beck, N., Peakall, R., & Heinsohn, R. (2003). Isolation and characterization of polymorphic 

488 microsatellite markers in the white-winged chough (Corcorax melanorhamphos). Molecular 

489 Ecology Notes, 3(4), 586–588. doi:10.1046/j.1471-8286.2003.00520.x

490 Beissinger, S. R., & McCullough, D. R. (2002). Population viability analysis. Chicago: University of 

491 Chicago Press.

492 Bignal, C., & Bignal, E. (2011). Supplementary feeding of subadult choughs. British Wildlife, 22(5), 

493 315–319.

494 Bignal, E. M., Mccracken, D. I., Stillman, R. A., & Ovenden, G. N. (1996). Feeding behavior of nesting 

495 choughs in the Scottish Hebrides. Journal of Field Ornithology, 67(1), 25–43.

496 Blouin, M. S. (2003). DNA-based methods for pedigree reconstruction and kinship analysis in natural 

497 populations. Trends in Ecology & Evolution, 18(10), 503–511. doi:10.1016/S0169-

498 5347(03)00225-8

499 Brown, J. H. J. H., & Kodric-Brown, A. (1977). Turnover rates in insular biogeography: effect of 

500 immigration on extinction. Ecology, 58(2), 445–449. doi:10.2307/1935620

501 Burnham, K. P., & White, G. C. (2002). Evaluation of some random effects methodology applicable to 

502 bird ringing data. Journal of Applied Statistics, 29(1–4), 245–264. 

503 doi:10.1080/02664760120108755

504 Carrete, M., & Tella, J. L. (2015). Rapid loss of antipredatory behaviour in captive-bred birds is linked 

505 to current avian invasions. Scientific Reports, 5, 1–8. doi:10.1038/srep18274

506 Crnokrak, P., & Roff, D. A. (1999). Inbreeding depression in the wild. Heredity, 83, 260–270. 

507 doi:10.1038/sj.hdy.6885530

508 Edmands, S. (2007). Between a rock and a hard place: evaluating the relative risks of inbreeding and 

Page 61 of 66

Confidential Review copy

Journal of Applied Ecology



32

509 outbreeding for conservation and management. Molecular Ecology, 16(3), 463–75. 

510 doi:10.1111/j.1365-294X.2006.03148.x

511 Ewen, J. G., Armstrong, D. P., Parker, K. A., & Seddon, P. J. (2012). Reintroduction biology. Oxford, 

512 United Kingdom: Wiley-Blackwell.

513 Frankham, R., Ballou, J. D., Eldridge, M. D. B., Lacy, R. C., Ralls, K., Dudash, M. R., & Fenster, C. B. 

514 (2011). Predicting the probability of outbreeding depression. Conservation Biology, 25(3), 465–

515 475. doi:10.1111/j.1523-1739.2011.01662.x

516 Hayhow, D. B., Johnstone, I., Moore, A. S., Mucklow, C., Stratford, A., Šúr, M., & Eaton, M. A. (2018). 

517 Breeding status of Red-billed Choughs Pyrrhocorax pyrrhocorax in the UK and Isle of Man in 

518 2014. Bird Study, 65, 458–470. doi:10.1080/00063657.2018.1541162

519 Jaari, S., Välimäki, K., & Merilä, J. (2008). Isolation and characterization of 100 polymorphic 

520 microsatellite loci for the Siberian jay (Perisoreus infaustus). Molecular Ecology Resources, 8(6), 

521 1469–1474. doi:10.1111/j.1755-0998.2008.02223.x

522 Jimenez, J. A., Hughes, K. A., Alaks, G., Graham, L., & Lacy, R. C. (1994). An experimental study of 

523 inbreeding depression in a natural habitat. Science, 266, 271–273.

524 Keller, L. F. (1998). Inbreeding and its fitness effects in an insular population of song sparrows 

525 (Melospiza melodia). Evolution, 52(1), 240–250. doi:10.2307/2410939

526 Keller, L. F., & Waller, D. M. (2002). Inbreeding effects in wild populations. Trends in Ecology & 

527 Evolution, 17(5), 230–241. doi:10.1016/S0169-5347(02)02489-8

528 Lacy, R. C., Miller, P. S., & Traylor-Holzer, K. (2017). Vortex 10 user’s manual. Apple Valley, 

529 Minnesota, USA: IUCN SSC Conservation Breeding Specialist Group and Chicago Zoological 

530 Society.

531 Lacy, R. C., & Pollak, J. P. (2017). Vortex: A stochastic simulation of the extinction process. Brookfield, 

Page 62 of 66

Confidential Review copy

Journal of Applied Ecology



33

532 Illinois, USA: Chicago Zoological Society.

533 Lande, R., Engen, S., & Saether, B.-E. (1995). Optimal harvesting of fluctuating populations with a risk 

534 of extinction. The American Naturalist, 145(5), 728–745.

535 McCracken, D. I., Foster, G. N., Bignal, E. M., Bigna, S., & Bignal, S. (1992). An assessment of chough 

536 Pyrrhocorax pyrrhocorax diet using multivariate analysis techniques. Avocetta, 16(1), 19–29.

537 Milligan, B. G. (2003). Maximum-likelihood estimation of relatedness. Genetics, 163(3), 1153–1167.

538 Morton, N. E., Crow, J. F., & Muller, H. J. (1956). An estimate of the mutational damage in man from 

539 data on consanguineous marriages. Proceedings of the National Academy of Sciences of the 

540 USA, 42(11), 855–863. doi:10.1073/pnas.42.11.855

541 Nietlisbach, P., Muff, S., Reid, J. M., Whitlock, M. C., & Keller, L. F. (2019). Nonequivalent lethal 

542 equivalents: Models and inbreeding metrics for unbiased estimation of inbreeding load. 

543 Evolutionary Applications, 12(2), 266–279. doi:10.1111/eva.12713

544 Peakall, R., & Smouse, P. E. (2012). GenAlEx 6.5: genetic analysis in Excel. Population genetic 

545 software for teaching and research-an update. Bioinformatics, 28(19), 2537–2539. 

546 doi:10.1093/bioinformatics/bts460

547 Pemberton, J. (2004). Measuring inbreeding depression in the wild: the old ways are the best. Trends 

548 in Ecology & Evolution, 19(12), 613–5. doi:10.1016/j.tree.2004.09.010

549 Pemberton, J. M. (2008). Wild pedigrees: the way forward. Proceedings of the Royal Society B, 

550 275(1635), 613–21. doi:10.1098/rspb.2007.1531

551 Pemberton, J. M., Ellis, P. E., Pilkington, J. G., & Bérénos, C. (2017). Inbreeding depression by 

552 environment interactions in a free-living mammal population. Heredity, 118(1), 64–77. 

553 doi:10.1038/hdy.2016.100

554 Ralls, K., Ballou, J. D., & Templeton, A. (1988). Estimates of lethal equivalents and the cost of 

Page 63 of 66

Confidential Review copy

Journal of Applied Ecology



34

555 inbreeding in mammals. Conservation Biology, 2, 185–192.

556 Reid, J. M., Bignal, E. M., Bignal, S., Bogdanova, M. I., Monaghan, P., & McCracken, D. I. (2011). 

557 Diagnosing the timing of demographic bottlenecks: sub-adult survival in red-billed choughs. 

558 Journal of Applied Ecology, 48(3), 797–805. doi:10.1111/j.1365-2664.2011.01973.x

559 Reid, J. M., Bignal, E. M., Bignal, S., McCracken, D. I., Bogdanova, M. I., & Monaghan, P. (2008). 

560 Investigating patterns and processes of demographic variation: Environmental correlates of 

561 pre-breeding survival in red-billed choughs Pyrrhocorax pyrrhocorax. Journal of Animal Ecology, 

562 77, 777–788. doi:10.1111/j.1365-2656.2008.01400.x

563 Reid, J. M., Bignal, E. M., Bignal, S., McCracken, D. I., & Monaghan, P. (2003). Age-specific 

564 reproductive performance in red-billed choughs Pyrrhocorax pyrrhocorax: patterns and 

565 processes in a natural population. Journal of Animal Ecology, 72(5), 765–776. 

566 doi:10.1046/j.1365-2656.2003.00750.x

567 Reid, J. M., Bignal, E. M., Bignal, S., McCracken, D. I., & Monaghan, P. (2004). Identifying the 

568 demographic determinants of population growth rate: A case study of red-billed choughs 

569 Pyrrhocorax pyrrhocorax. Journal of Animal Ecology, 73(4), 777–788. doi:10.1111/j.0021-

570 8790.2004.00854.x

571 Reid, J. M., Bignal, E. M., Bignal, S., McCracken, D. I., & Monaghan, P. (2006). Spatial variation in 

572 demography and population growth rate: the importance of natal location. Journal of Animal 

573 Ecology, 75, 1201–11. doi:10.1111/j.1365-2656.2006.01143.x

574 Reid, J. M., Keller, L. F., Marr, A. B., Nietlisbach, P., Sardell, R. J., & Arcese, P. (2014). Pedigree error 

575 due to extra-pair reproduction substantially biases estimates of inbreeding depression. 

576 Evolution, 68(3), 802–815. doi:10.1111/evo.12305

577 Stenzler, L. M., & Fitzpatrick, J. W. (2002). Isolation of microsatellite loci in the Florida Scrub-Jay 

578 Aphelocoma coerulescens. Molecular Ecology Notes, 2(4), 547–550. doi:10.1046/j.1471-

Page 64 of 66

Confidential Review copy

Journal of Applied Ecology



35

579 8286.2002.00312.x

580 Trask, A. E., Bignal, E. M., McCracken, D. I., Monaghan, P., Piertney, S. B., & Reid, J. M. (2016). 

581 Evidence of the phenotypic expression of a lethal recessive allele under inbreeding in a wild 

582 population of conservation concern. Journal of Animal Ecology, 85(4), 879–891. 

583 doi:10.1111/1365-2656.12503

584 Trask, A. E., Bignal, E. M., McCracken, D. I., Piertney, S. B., & Reid, J. M. (2017). Estimating 

585 demographic contributions to effective population size in an age-structured wild population 

586 experiencing environmental and demographic stochasticity. Journal of Animal Ecology, 86(5), 

587 1082–1093. doi:10.1111/1365-2656.12703

588 van Oosterhout, C., Hutchinson, W. F., Wills, D. P. M., & Shipley, P. (2004). Micro-checker: software 

589 for identifying and correcting genotyping errors in microsatellite data. Molecular Ecology 

590 Notes, 4(3), 535–538. doi:10.1111/j.1471-8286.2004.00684.x

591 VanderWerf, E. A., Crampton, L. H., Diegmann, J. S., Atkinson, C. T., & Leonard, D. L. (2014). Survival 

592 estimates of wild and captive-bred released Puaiohi, an endangered Hawaiian thrush. The 

593 Condor, 116(4), 609–618. doi:10.1650/condor-14-18.1

594 Wang, J. (2011). COANCESTRY: a program for simulating, estimating and analysing relatedness and 

595 inbreeding coefficients. Molecular Ecology Resources, 11, 141–145. doi:10.1111/j.1755-

596 0998.2010.02885.x

597 Wenzel, M. A., Webster, L. M. I., Blanco, G., Burgess, M. D., Kerbiriou, C., Segelbacher, G., … Reid, J. 

598 M. (2012). Pronounced genetic structure and low genetic diversity in European red-billed 

599 chough (Pyrrhocorax pyrrhocorax) populations. Conservation Genetics, 13, 1213–1230. 

600 doi:10.1007/s10592-012-0366-6

601 Wenzel, M. A., Webster, L. M. I., Segelbacher, G., Reid, J. M., & Piertney, S. B. (2011). Isolation and 

602 characterisation of 17 microsatellite loci for the red-billed chough (Pyrrhocorax pyrrhocorax). 

Page 65 of 66

Confidential Review copy

Journal of Applied Ecology



36

603 Conservation Genetics Resources, 3(4), 737–740. doi:10.1007/s12686-011-9446-z

604 White, G. C. (2000). Population viability analysis: data requirements and essential analyses. In L. 

605 Boitani & T. K. Fuller (Eds.), Research techniques in animal ecology: controversies and 

606 consequences. (pp. 288–331). New York, USA: Columbia University Press.

607 Wolak, M. E., Arcese, P., Keller, L. F., Nietlisbach, P., & Reid, J. M. (2018). Sex-specific additive genetic 

608 variances and correlations for fitness in a song sparrow (Melospiza melodia) population subject 

609 to natural immigration and inbreeding. Evolution, 72(10), 2057–2075. doi:10.1111/evo.13575

610

Page 66 of 66

Confidential Review copy

Journal of Applied Ecology


